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Natural recovery and remediation of acid mine drainage (AMD) reduces the generation 26 
of acidity and transport of trace elements in the runoff. A natural wetland that receives 27 
and remediates AMD from an abandoned copper mine at Parys Mountain (Anglesey, 28 
UK) was investigated for better understanding of the remediation mechanisms. Water 29 
column concentrations of dissolved Fe and S species, trace metal(loid)s and acidity 30 
decreased markedly as the mine drainage stream passed through the wetland. The 31 
metal(loid)s were removed from the water column by deposition into the sediment. Fe 32 
typically accumulated to higher concentrations in the surface layers of sediment while S 33 
and trace metal(loid)s were deposited at higher concentration within deeper (20 – 50 34 
cm) sediments. High resolution X-ray fluorescence scans of sediment cores taken at 35 
three sites along the wetland indicates co–immobilization of Zn, Cu and S with 36 
sediment depth as each element showed a similar core profile. To examine the role of 37 
bacteria in sediment elemental deposition, marker genes for Fe and S metabolism 38 
were quantified. Increased expression of marker genes for S and Fe oxidation was 39 
detected at the same location within the middle of the wetland where significant 40 
decrease in SO4
2- and Fe2+ was observed and where generation of particulate Fe 41 
occurs. This suggests that the distribution and speciation of Fe and S that mediates the 42 
immobilization and deposition of trace elements within the natural wetland sediments is 43 
mediated in part by bacterial activity. 44 
 45 
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 48 
1. Introduction 49 
Metal and coal mining from abandoned and active mines release large amounts 50 
of contaminants such as trace metals (such as Cd, Cu and Zn) and metalloids (such as 51 




potentially toxic levels of acidity and metal ions are known as acid mine drainage 53 
(AMD), which is generated when sulfide ores such as pyrite are exposed to oxygen 54 
and water resulting in the oxidative dissolution of pyrite (Marchand et al., 2010). AMD is 55 
a serious environmental problem worldwide, which results in loss of habitats and 56 
biodiversity in freshwater ecosystems, and contaminates agricultural soil via polluted 57 
irrigation water (McKnight and Feder, 1984; Johnson and Hallberg, 2005; Zhuang et 58 
al., 2009; Dean et al., 2019). AMD pollution can therefore reduce the quality of food 59 
and water for human and animal consumption (Lin et al., 2005; Liu et al., 2012).  60 
Typically used methods for AMD remediation include addition of alkaline 61 
materials to increase the water pH and accelerate the precipitation of metal ions 62 
(Coulton et al., 2003). Alternative sustainable passive methods such as the use of 63 
constructed wetlands have been shown to be a promising strategy for AMD 64 
remediation (Scholz and Lee, 2005; Babatunde et al., 2008). However, the long-term 65 
efficiency of using wetlands has been compromised by our limited understanding of the 66 
physicochemical and biotic mechanisms involved (Barton and Karathanasis, 1999; 67 
Valkanas and Trun, 2018). Study of natural wetland systems that have adapted over 68 
long time periods, often many decades, to tolerate AMD exposure may generate new 69 
insights for improving current passive treatment technologies. The ability of these 70 
natural wetlands to tolerate and eventually remediate AMD with very high acidity and 71 
high concentrations of dissolved metals is due to the action of the plants reducing 72 
water flow, mediating a degree of bulk metal extraction into biomass, enhancing input 73 
of organic carbon, including organic acids, and oxygen into the sediment to drive 74 
geochemical and biochemical reactions that lead to the formation of metal precipitates 75 
and alkalization (Beining and Otte, 1996; August et al., 2002; Jacob and Otte, 2003; 76 
Dean et al., 2013). 77 
Prokaryotic microorganisms, including bacteria and archaea, have an important 78 
role in AMD remediation within wetlands. The activities of S and Fe oxidizing and 79 




sulfate and Fe oxide reduction) and consume alkalinity (for example, Fe oxidation). In 81 
addition, metabolism of organic matter, which is abundant within the wetland, together 82 
with low oxygen availability, leads to reducing conditions that changes the distribution 83 
and speciation of metals within wetland sediments (Machel, 1989; Blgham et al., 1990; 84 
Fredrickson et al., 1998; Oueslati et al., 2019). The action of sulfate reducing bacteria 85 
contributes the most to metal removal in AMD-impacted environments, including 86 
wetlands (Johnson and Hallberg, 2005). In AMD affected wetlands, the sulfate 87 
reduction to hydrogen sulfide catalysed by these bacteria generates highly insoluble 88 
metal sulfide precipitates (Johnson and Hallberg, 2005). Specific genes related to S 89 
oxidation and reduction include soxB, which encodes a protein essential for thiosulfate 90 
bacterial oxidation and subsequent S oxidation (Epel et al., 2005), and the dsrA gene, 91 
which encodes a sulfite reductase responsible for dissimilatory sulfate reduction 92 
(Muyzer and Stams, 2008). In contrast, enzymatic mechanisms of Fe oxidation and 93 
reduction are less clear. However, specific species responsible for Fe metabolism have 94 
been identified, and these can be used as makers for Fe oxidation and reduction 95 
activities (Cummings et al., 2003; Heinzel et al., 2009). Bacterial activities related to Fe 96 
and S metabolism alongside abiotic mechanisms therefore results in increased metal 97 
precipitation within metal polluted environments resulting in the decrease in soluble 98 
metals in the water column and the continuous retention of metals within sediment 99 
layers. Marked shifts in metal distribution and bacteria populations can rapidly occur 100 
within short distance in AMD impacted environments (Valkanas and Trun, 2018).  101 
The aim of this study was therefore to identify bacteria-mediated mechanisms of 102 
AMD attenuation in a wetland receiving and remediating AMD pollution. The study site 103 
for this investigation was the Afon Goch Wetland in Anglesey, UK that receives highly 104 
polluted AMD (pH 2.5) and removes >80% of dissolved Fe, Zn and Cu and increases 105 
pH to 5.5 within the first 700 m of the wetland system (Dean et al., 2013). Previous 106 
characterization of the Afon Goch wetland suggests that the remediation process is 107 




sediment, and due to a combination of chemical and biological processes (Boult, 1996; 109 
Batty et al., 2006; Dean et al., 2013; Aguinaga et al., 2018). However, the activities of 110 
specific bacteria related to S and Fe metabolism in association with a detailed analysis 111 
of sediment metal(loid) profiles are needed to begin to elucidate these biological 112 
processes. A combination of chemical measurements and bacterial activity was 113 
performed in this study to elucidate the geochemical and biological mechanisms 114 
underpinning the ability of the system to remediate AMD within a short distance. This 115 
will lead to a better understanding of the role of Fe and S bacteria-mediated 116 
transformation in AMD remediating wetland environments.  117 
 118 
2. Materials and methods 119 
 120 
2.1. Field site description and sampling details  121 
The study site is a natural wetland that receives AMD pollution from an 122 
abandoned copper mine at Parys Mountain in Anglesey, UK (Fig. 1a). Drainage from 123 
Parys Mountain enters the Afon Goch river, and at 2.2 km downstream from the source 124 
the river enters a natural wetland that is approximately 2 km in length and has been 125 
shown to effectively remove metal(loid)s over the long term (Dean et al., 2013). Three 126 
sample locations along the wetland were analyzed during 2017 and 2018 (Fig. 1b and 127 
c). Site W1 was located at ~500 m from the AMD source and is where the attenuation 128 
process starts. Site W2 was located in the zone where the large decrease in acidity 129 
and dissolved metal(loid) concentration have previously been observed, while site W3 130 
was located in the lower reaches of the wetland where pollution levels are significantly 131 
reduced (Dean et al., 2013; Aguinaga et al., 2018). 132 
In situ water measurements of pH were performed using a portable pH meter 133 
(Hanna Instruments, UK). Measurement of Fe2+, sulfate and sulfide concentrations was 134 
carried out by using the 1,10-Phenanthroline, Methylene Blue and SulfaVer 4 methods, 135 




Colorimeter (Hach, USA). For dissolved metal(loid) analysis a known volume of surface 137 
water (~2 cm depth) was filtered through a 0.45 µm cellulose acetate filter, and 138 
preserved by addition of nitric acid to a final concentration of 2%. The filters were 139 
retained for analysis of metal(loid) particulates. Five replicate water samples were 140 
taken in each of the three locations.  141 
Sediment core samples were taken to a depth of 50 cm using a Russian corer 142 
(Van Walt, UK). Twenty cores taken during 2017 from site W2 were extracted from un-143 
vegetated river sediment (5 replicate cores), and from sediments within plant stands of 144 
Eriophorum angustifolium, Juncus sp. and Phragmites australis (5 replicate cores for 145 
each plant stand). Visual inspection of the cores from the vegetated stands revealed 146 
three distinct zones, and hence each core was separated into a surface layer (typically 147 
0 – 10 cm) containing larger soil particles and plant debris, a middle layer (typically 10 148 
– 20 cm) characterized by a red-brown color with compacted ochre, and a bottom layer 149 
(typically 20 – 50 cm) of black mud. The distinct middle band of sediment was absent 150 
from the riverbed cores. Therefore for subsequent analyses cores were split into just 151 
two depth layers; a top layer (0 – 20 cm) and a bottom layer (20 – 50 cm). These 152 
sediment layers were transferred into 50 mL polypropylene tubes for subsequent 153 
metal(loid) extraction and analysis by inductively coupled plasma atomic emission 154 
spectroscopy (ICP-AES) or RNA extraction for subsequent gene expression 155 
measurement. LifeGuard soil RNA preservation solution (Qiagen, USA) was used to 156 
stabilize the microbial RNA at ambient temperature during field sampling. The solution 157 
was added to the samples to be used for RNA analysis. Once in the laboratory, 158 
samples were frozen at -20 °C until RNA extraction was performed. 159 
A further 24 cores were taken during 2018 from site W1, W2 and W3 from 160 
sediments within Juncus sp. plant stands only (8 replicate cores per site). Five of the 161 
replicate cores from each site were divided into top layer (0 – 20 cm) and bottom layer 162 
(20 – 50 cm). These sediment layers were transferred into 50 mL polypropylene tubes 163 




expression measurement. The remaining three replicate sediment cores were used for 165 
X-ray fluorescence (XRF) core scanning. These cores were placed in PVC tubes and 166 
wrapped with protective film for transportation to the laboratory. Samples from these 167 
cores were then used for C and N measurements. 168 
 169 
2.2. XRF core scanning 170 
High-resolution profiles of element concentrations were determined along 9 171 
sediment cores (3 replicate cores each for sites W1, W2 and W3) via non-destructive, 172 
XRF spectrometry using an ITRAX core scanner (School of Environment, Education 173 
and Development, University of Manchester). Prior to analysis, each core was 174 
prepared by ensuring that the surfaces were completely flat using a roller. The X-rays 175 
used to irradiate the cores were generated by a 3 kW Mo-tube. A step size of 1 mm 176 
and a count time at each step of 20 s were selected. Data for Fe, S, Zn, Cu, Mn, Al, As 177 
and Pb was obtained from the scans and expressed as total counts per s (CPS). To 178 
transform CPS into element concentrations (mmol g-1), the total concentration of each 179 
element from selected 10 mm core sections was determined by ICP-AES following acid 180 
digestion (as detailed in Section 2.3 below). Linear regression between CPS and ICP-181 
AES values was performed (Fig. S1) and used to convert CPS values to concentrations 182 
(mmol g-1). 183 
 184 
2.3. ICP-AES analysis 185 
Dissolved metal(loid) concentrations were determined by ICP-AES analysis of 186 
the acidified filtered water samples. Particulate metal(loid) concentrations were 187 
determined by drying the filter paper at 80 °C for 48 h, followed by digestion in the filter 188 
paper and retained particulates in 67% ultra-pure nitric acid for 4 h at 70°C. Sediment 189 
samples were homogenized and dried at 80 °C for 48 h, and passed through a 250 µm 190 
mesh stainless steel sieve. Sediments were then digested in 67% ultra-pure nitric acid 191 




digests were diluted to 2% acid in deionized Milli-Q water (Millipore, UK). Samples 193 
were analyzed for Fe, S, Zn. Cu, Mn, Al, As, Pb by ICP-AES using a Perkin-Elmer 194 
Optima 5300. Certified Reference Standard TM25.5 was used and all samples were 195 
calibrated using a matrix-matched serial dilution of Specpure multi-element plasma 196 
standard solution 4 (Alfa Aesar, UK) set by linear regression, and only results with a 197 
relative standard deviation < 20% were considered. 198 
 199 
2.4. Sediment core C and N analysis 200 
For analysis of Total C (TC) and Total N (TN) content, 5 g sediment samples 201 
were taken at 10 cm intervals along each replicate core, dried at 80 °C for 24 h and 202 
disaggregated using a Mixer Mill MM 400 (Retsch, Germany). Samples were analyzed 203 
by combustion using an Elemental Vario EL elemental analyzer (Elementar 204 
Analysensysteme, Germany) following the manufacturer’s instructions. For the 205 
determination of water-extractable C and N, 5 g of sediment was taken at 10 cm 206 
intervals along each core and extracted in 35 mL of Milli-Q water for 10 min using an 207 
orbital shaker. Extracts were then filtered using Whatman no.1 filters (Camlab, UK). 208 
Total inorganic C (IC) concentrations from the extracts were measured using a non-209 
dispersive infra-red gas analyzer (Shimadzu SSM-5000A, Shimadzu, UK). The 210 
dissolved organic C (DOC) fraction was determined by subtracting IC values from TC 211 
values. Concentrations of dissolved nitrate and ammonium were determined by 212 
colorimetric detection using an AutoAnalyser 3 HR (Seal Analytical, UK) following the 213 
manufacturer’s instructions. Dissolved organic N (DON) was determined as the 214 
difference between TN and the inorganic fractions (nitrate and ammonium). 215 
 216 
2.5. Microbial gene expression 217 
RNA was extracted from 4 g of surface and bottom layer sediment from five 218 
replicate core samples from each site using a RNeasy PowerSoil Total RNA kit 219 




(New England Biolabs, UK) following the manufacturer’s instructions. RNA was 221 
quantified using a Nano-drop 3300 (Thermo-Scientific, USA). Reverse transcription of 222 
RNA was performed using SuperScript II Reverse Transcriptase (Thermo-Scientific, 223 
USA) following the manufacturer’s instructions. Random hexamers (Thermo-Scientific, 224 
USA) were used as primers for synthesis of cDNA. Gene expression analysis by 225 
quantification of the resulting cDNA was performed by quantitative real-time PCR 226 
(qPCR) for six marker genes using specific primer sets (Table S1). Each reaction 227 
consisted of 10 µL of SensiFAST SYBR Hi-Rox mix, 0.8 µL of each forward and 228 
reverse primers (10 µM), 0.5 µL of cDNA, in a final reaction volume made up to 20 µL 229 
with nuclease-free water. Samples were run on a Step One Plus Real Time PCR 230 
system (Applied Biosystem, UK) with SYBR Green Rox detection program. Standard 231 
curves for each set of primers were obtained via a series of 1 in 10 dilutions of cDNA 232 
from samples with a known cDNA concentration, and the concentration of cDNA 233 
transcripts were calculated by absolute quantification. Analysis was performed on five 234 
independent biological replicates for each sample site. Reactions using RNA as 235 
template were included as a control of possible genomic DNA contamination, while 236 
negative controls consisted of no template nucleotide.  237 
 238 
2.6. Statistical analysis 239 
Statistical analysis of environmental parameters and gene expression data were 240 
determined by one-way analysis of variance (ANOVA) using a Tukey post-hoc test 241 
performed using GraphPad Prism 7. 242 
 243 
3. Results and discussion 244 
 245 
3.1. Acidity and metal(loid) attenuation along the AMD stream through the wetland 246 
In situ measurements of pH in surface waters from sites W1, W2 and W3 show 247 




nearest the source (pH 2.5) to the end of the wetland (pH 5.8) (Fig. 2a). This confirms 249 
the acidity attenuation detected over 20 years of monitoring at this site (Dean et al., 250 
2013; Aguinaga et al., 2018). Significant differences in Fe and S concentrations were 251 
also observed across the wetland sites. On entering the wetland, levels of particulate 252 
and dissolved Fe were similar (Fig. 2b – c) with median values of 0.08 mM and 0.12 253 
mM, respectively. There was a mean 3.9-fold increase in particulate Fe at site W2, 254 
although due to large variation in replicate samples this apparent increase is not 255 
statistically significant. Site W2 is the area of the wetland previously identified to be 256 
where the most marked changes in water chemistry occur (Dean et al., 2013; Aguinaga 257 
et al., 2018). Moreover, site W2 has greater plant diversity comprised of different 258 
wetland plant stands, which may lead to variation in carbon release and suspended 259 
organic matter, potentially explaining the differences in particulate Fe concentration 260 
observed. Further along the wetland (site W3) the particulate Fe had fallen significantly 261 
by 11.8-fold. Dissolved Fe decreased along the wetland (Fig. 2c) with a 8.9-fold 262 
decrease (P < 0.05) between sites W1 and W3. Both Fe2+ and Fe3+ decreased along 263 
the wetland with Fe3+ present at concentrations typically 3 times that of Fe2+ (Fig. 2d). 264 
The reduction in dissolved Fe and increase in particulate Fe as in the middle of the 265 
wetland (W2) is typical of a transition from soluble Fe2+ to aggregates of Fe3+ in the 266 
form of Fe3+ oxides and hydroxides (Boult et al., 1994; Dean et al., 2013; Aguinaga et 267 
al., 2018). However, the profile of particulate Fe across the wetland (Fig. 2b) did not 268 
correlate with changes in Fe3+ (Fig. 2d), suggesting that other mechanisms are 269 
involved in Fe aggregation and soluble Fe removal from the water column.  270 
Particulate S showed no significant difference and was present at all sites at 271 
concentrations between 0.28 – 0.87 mM (Fig. 2e). In contrast, dissolved S showed a 272 
significant 26.8-fold decrease (P < 0.05) from 1.9 to 0.07 mM between sites W1 and 273 
W2, while sulfate concentration showed a 10.2-fold decrease (P < 0.05) (Fig. 2f – g). 274 
Sulfide also showed a significant 4.2-fold decrease (P < 0.05) along the wetland (Fig. 275 




subsequent generation of AMD (Evangelou and Zhang, 1995). The decrease in sulfate 277 
and dissolved S suggests that most of the S is being removed in the form of sulfate. 278 
The sulfate that precipitates into the sediments can be reduced and immobilized as 279 
sedimentary pyrite (Berner, 1985). The key process facilitating the removal of sulfate 280 
from the water column is its reduction and transformation to hydrogen sulfide (Akcil and 281 
Koldas, 2006). However, sulfide levels were much lower than the other S compounds 282 
measured. One explanation is that elemental S and compounds such as sulfite and 283 
thiosulfate, which are also susceptible to chemical and biological oxidation (Auernik 284 
and Kelly, 2008; Amouric et al., 2009), are present in significant quantities. 285 
Measurement of sulfide is important as this compound is capable of binding to and co-286 
precipitating trace metal(loid)s (Machemer and Wildeman, 1992). However, large 287 
amounts of sulfide were not detected in the water column, possibly due to rapid 288 
precipitation of metal sulfides close to the source in the upper reaches of the wetland.  289 
A significant decrease (P < 0.05) in dissolved concentrations of Zn, Mn and Al 290 
from the upper site W1 to sites W2 and W3 was observed (Fig. S2), confirming the 291 
rapid attenuation of these metal(loid)s as the AMD stream flows through the first km of 292 
the wetland (Dean et al., 2013; Aguinaga et al., 2018). This suggests that dissolved Zn, 293 
Mn and Al concentrations can decrease due to metal sulfide precipitation, binding 294 
to Fe3+ compounds, and the formation of oxide compounds, which is particularly the 295 
case for Al and Mn (Scheinost, 2005). Concentrations of dissolved Cu, As and Pb 296 
showed no significant change at any site along the wetland (Fig. S2), possibly due to 297 
differences in chemical speciation between these metal(loid)s and Zn, Mn and Al. 298 
Furthermore, no significant variation in particulate trace metal(loid)s was detected (Fig. 299 
S3). This infers that metal(loid) partitioning differs depending on metal(loid) type and 300 
total concentration. Difference in precipitation rates depending on the metal(loid) have 301 
been previously observed due to differences in metal(loid) adsorption capacity to 302 
organic compounds in constructed wetlands and metal(loid) selective interactions with 303 




Difference in metal(loid)s susceptibility to sulfide interaction and pyrite formation can 305 
also explain differences in precipitation rates. For example, Cu and Pb are moderately 306 
sufidized (11 – 16% of the reactive fraction) compared to other extensively sulfidized 307 
metals in freshwater sediments (Huerta-Diaz et al., 1998). 308 
 309 
3.2. Deposition of metal(loid)s in sediments 310 
The rapid decrease in dissolved concentrations of Zn, Mn, Al, Fe and S 311 
between sites W1 and W2 suggests substantial deposition into the sediments within 312 
the middle of the wetland. Metal(loid) concentrations at different sediment depths at 313 
site W2 were analyzed to obtain further insight into metal(loid) immobilization 314 
processes. The wetland had stands of different wetland plant species, with Eriophorum 315 
angustifolium, Juncus sp. and Phragmites australis being the dominant species. To 316 
examine possible differences in metal(loid) distribution due to different plant species, 317 
replicate cores were taken from different plant stands. Furthermore, to examine 318 
possible differences in metal(loid) distribution arising from the absence of vegetation, 319 
replicate cores were taken from the riverbed. As described in Section 2.1, visual 320 
inspection of the cores from the vegetated stands revealed three distinct layers. The 321 
layers showed difference in metal(loid) concentration (Fig. 3). Fe concentrations were 322 
significantly lower (P < 0.05) in the bottom layer compared to surface and/or middle 323 
layer for all samples (Fig. 3a). In contrast, S and trace metal(loid)s show higher 324 
concentrations in the bottom layer (Fig. 3b – h). Concentrations of elements in the 325 
sediment layer surrounding the roots (surface layer) of different plant species showed 326 
no significant differences. Furthermore, there was no significant difference between 327 
metal(loid) deposition pattern in the presence or absence of plants, and the absence of 328 
plants only had a significant affect (P < 0.05) for Cu within bottom layer of the core (Fig. 329 
3d). In contrast, a previous study of cores within the Afon Goch wetland suggested that 330 




metal(loid) concentrations, potentially due to higher evapotranspiration rates (Batty et 332 
al., 2006). 333 
As difference in the depth distribution of Fe and S were observed at site W2, the 334 
analysis was extended to assess core samples at all sites. Since no significant 335 
differences in metal(loid) distribution were observed within the first 20 cm of the cores 336 
at W2 (between surface and middle layers) or between different plant species cores, 337 
subsequent cores were only taken from Juncus stands, as this species was present at 338 
all sample sites, and cores were divided into a top layer (0 – 20 cm) and a bottom layer 339 
(20 – 50 cm). Fe showed a significantly lower (P < 0.05) concentration in the top layer 340 
compared to the bottom layer at site W2 but there was no significant difference with 341 
depth at the other sites (Fig. 4a). In contrast, S concentration was lower in the top layer 342 
compared to the bottom layer at all sites, with a significant difference (P < 0.05) at sites 343 
W1 and W3 (Fig. 4b). The depth profile of other metal(loid)s was also investigated. 344 
Surface core concentrations of Cu, Mn, Al and Pb were significantly lower (P < 0.05) 345 
than in the bottom layer at site W1 (Fig. 4). Zn was present at higher concentrations in 346 
the upper sediment layer at all three sites while As showed no significant difference 347 
between layers at any site. Cu was the only trace metal that showed significant 348 
changes (P < 0.05) in the bottom layer with lower concentrations at W2 and W3 349 
compared to W1 (Fig. 4d). These results suggest retention of Fe in the upper layer 350 
while S and trace metal(loid)s are more prone to accumulate in the bottom layers of 351 
sediment; however, metal(loid) type and distance from the source of the AMD also 352 
influenced elemental distribution within the sediments.  353 
 354 
3.3. High resolution analysis of core sediments 355 
Since analysis of the sediment cores revealed marked differences in depth 356 
distribution of various elements, a more detailed spatial analysis was performed. 357 
Spatial changes in metal(loid) distribution, particularly with depth, can be elucidated at 358 




previously been used to detect and monitor sediment pollution from mining and 360 
industry sites (Rodríguez-Germade et al., 2014; Croudace et al., 2015; Rodríguez-361 
Germade et al., 2015). XRF core scanning was carried out at 1 mm resolution along 362 
the cores from each of the three sites within the wetland. Scans showed that the Fe 363 
concentration was consistently high along all cores, which varied between 0.9 – 1.8 364 
mmol g-1; however a slight decrease in Fe concentration in deeper layers was 365 
observed (Fig. 5). This was particularly evident in W2 cores where there was a marked 366 
reduction in Fe deposition at 30 – 35 cm depth. In contrast, S showed increased 367 
concentration with depth. The sediment at site W1 showed the highest values of S 368 
nearer to the surface (with a peak at 10 cm depth), while the peak deposition of S at 369 
sites W2 and W3 was at lower depths, at 30 cm and 40 cm, respectively.  370 
In anoxic environments significant accumulation of S typically occurs at the 371 
surface due to sedimentation of sulfide-rich suspended matter (Zwolsman et al., 1993). 372 
However, since S was observed to accumulate in deeper layers within the wetland 373 
sediments this suggests oxygenation of the upper sediment, potentially due to oxygen 374 
release via the roots of the wetland plants (Colmer, 2003). Potentially the oxic surface 375 
layer is influencing the precipitation of sulfide in deeper layers. While the wetland was 376 
mainly populated by species of Juncus, site W2 had more diversity of vegetation 377 
including P. australis and E. angustifolium. It is known that plant roots have different 378 
oxygen loss rates depending on their growth rate, which varies between species (Lai et 379 
al., 2012). Therefore the greater plant diversity at site W2 may result in a deeper oxic 380 
layer, which may enhance the accumulation of sulfide to deeper anoxic layers. The 381 
presence of oxygen will generate ideal redox conditions for aerobic bacteria that use 382 
oxygen as an electron acceptor in the oxidation of substrates such as Fe and S 383 
(discussed below in Section 3.4). Such differences in surface sediment S concentration 384 
compared to deeper sediments have also been seen in paddy field cores impacted by 385 
AMD (Yang et al., 2016). It has been suggested that the deposition of sulfate onto 386 




schwertmannite, which is mediated by low pH values and high Fe concentrations 388 
(Chen et al., 2015).  389 
The profile of Fe within the sediment cores from each site did not correlate with 390 
trace metal(loid)s including Zn and Cu, suggesting that interaction of these metal(loid)s 391 
with Fe oxyhydroxides may not be an important process. In contrast, there were 392 
similarities in S, Zn and Cu distribution (Fig. 5), with peaks of these elements observed 393 
in similar positions at ~10 cm and ~20 cm in W1 cores, at ~30 cm in W2 cores, and at 394 
~40 cm in W3 cores. This suggests that the mobility of these trace metal(loid)s may be 395 
modulated by S, and given the elevated concentrations of reduced S compounds in 396 
AMD environments, this is likely to be due to immobilization of Cu and Zn as sulfides 397 
(Yang et al., 2016). Experiments using mixed metal(loid) solutions for generation of 398 
metal sulfide compounds under laboratory conditions have shown that Fe-sulfide 399 
complexes can be dissociated at pH below 5 while Cu and Zn formed stronger sulfide 400 
complexes that require higher acidity to dissociate (Luther et al., 1996). A strong 401 
correlation between the vertical distribution of Cu and Zn has been previously observed 402 
in sediment cores from other AMD impacted wetlands (von der Heyden and New, 403 
2004) and metal(loid) polluted estuaries (Zwolsman et al., 1993). In both cases, 404 
sediment dating revealed that similar distribution patterns were an indicator of 405 
similarities in pollution history such as the same source and/or deposition rate. In this 406 
study, Fe showed no accumulation spike despite redox zonation of sediments, and no 407 
correlation with other sediment metal(loid)s was observed. Previous work in an AMD 408 
impacted natural wetland revealed that the sedimentary source of Fe could change 409 
along the wetland (von der Heyden and New, 2004). Here we suggest that the ratio 410 
between Fe and trace metal(loid)s entering the wetland varies with time and therefore 411 
result in different accumulation patterns. This suggests that even though metal(loid) 412 
distribution can be explained by chemical and biological mechanisms, environmental 413 
changes with time such as pollution levels and flux need to be understood. For 414 




with time, thereby creating variations in the water level and oxygen concentrations 416 
which generate short–term fluctuations in redox conditions and therefore changes in 417 
sedimentation rates especially for redox sensitive metals such as Fe and Mn (Vranken 418 
et al., 1990). Furthermore, transient oxygenation can remobilize some metal(loid)s 419 
(Tribovillard et al., 2006). Large-scale changes such as significant decrease in 420 
metal(loid) inflow due to a substantial lowering of the water table (Dean et al., 2013) 421 
can also influence horizontal accumulation patterns along sediment depth. 422 
The XRF core analysis also showed variation between the profiles of Mn, Al, As 423 
and Pb (Fig. S4). Al showed a stable profile (~1 mmol g-1) with depth, while Mn, As and 424 
Pb showed considerable variation both at depths and between sites. However, Al is at 425 
the limit of ITRAX detection due to its low atomic weight and hence concentrations can 426 
be underestimated (Rothwell et al., 2006). The profiles of Al, Mn and As showed 427 
different patterns when compared to the previous bulk layer analysis. Previous studies 428 
have demonstrated that an XRF core profile needs to be carefully interpreted in 429 
sediments with differing water content (Tjallingii et al., 2007) and large variations in 430 
organic matter and carbon concentration (Chawchai et al., 2016). Furthermore, 431 
mobilization of trace metal(loid)s such as Cu and As can be influenced by dissolved 432 
organic matter concentration in the soil solution (Kalbitz and Wennrich, 1998). 433 
However, in this study, no significant variations of TC or DOC and TN or DON along 434 
the sediment cores were observed (Fig. S5), and no significant correlation between 435 
DOC, DON, and trace metal(loid)s with depth was observed. This suggests that decay 436 
of substantial amounts of organic material from the wetland plants over a long time 437 
period has led to an excess of organic C and N throughout the sediment. 438 
 439 
3.4. Bacterial activity in the surface and bottom layers of the wetland sediments 440 
In order to investigate the potential role of bacteria in mediating metal(loid) 441 
distribution within the sediments, the expression patterns of specific bacteria marker 442 




within stands of Juncus sp. The 16S rRNA abundance of total bacteria did not show 444 
any significant change along the wetland, although a significant difference (P < 0.05) 445 
with depth was observed at sites W1 and W2 (Fig. 6a). More specifically, no significant 446 
partitioning in the expression of Geobacter spp. 16S rRNA, an Fe reduction marker, 447 
was observed in the W2 and W3 cores but a significant reduction (P < 0.05) was seen 448 
in Geobacter spp. abundance in the bottom layer of W1 cores compared to W2 and W3 449 
cores (Fig. 6b). Anaerobic Fe metabolism from bacteria related to the Geobacter taxa 450 
has been previously observed (Coates et al., 2001) and utilization of Fe minerals in 451 
anaerobic sediments by these bacteria has been described (Adams et al., 2007).  452 
Two sets of Fe oxidation markers were tested; abundance of Gallionella spp. 453 
and related taxa, and abundance of Ferrovum spp. and related taxa. Abundance of 454 
“Gallionella and relatives” 16S rRNA showed no significant differences between any of 455 
the sediment layers or sites (Fig. 6c). In contrast, the most notable result was the 456 
significantly higher abundance (P < 0.05) of 16S rRNA of “Ferrovum and relatives” 457 
within the surface layer of W2 cores compared to the other samples (Fig. 6d). Strains 458 
of Ferrovum myxofaciens capable of catalyzing the oxidative dissolution of pyrite were 459 
previously isolated from the Parys Mountain mine site (Johnson et al., 2014). The 460 
presence of Ferrovum at site W2 demonstrates that this taxa can also thrive in the 461 
surrounding wetland under less extreme conditions and suggests that its abundance 462 
coincides with an improvement in water quality within the middle area of the wetland. 463 
Even though no specific functional gene related to Fe metabolism was measured, the 464 
analysis of different obligate Fe metabolizing bacteria suggest that Fe oxidation is an 465 
important metal(loid) immobilizing mechanism along the Afon Goch wetland.  466 
The mRNA transcript abundance of the soxB gene, a marker of S oxidation, and 467 
the dsrA gene, a marker of sulfate reduction, were measured. The surface sediment 468 
layer at site W2 had significantly increased (P < 0.05) soxB expression (Fig. 6e), which 469 
was expected within such as oxygenated zone. A similar increase in expression of the 470 




enzyme complex in a terrestrial sulfidic spring (Headd and Engel, 2013). In contrast, 472 
expression of dsrA showed no difference with depth at any of the sites; however, the 473 
amount of dsrA transcript in the surface layer of W1 and W2 cores were significantly 474 
higher (P < 0.05) than in the W3 cores (Fig. 6f). A decrease in dissimilatory sulfate 475 
reduction activity can be explained by depletion of sulfate when at site W3. To further 476 
understand the partitioning of S oxidation along the wetland, future studies should 477 
measure activities of other S compounds beside sulfate and sulfide. Furthermore, 478 
higher resolution gene expression analysis that is equivalent to the resolution of 479 
metal(loid) profiling by XRF core analysis, will allow a more detailed understanding and 480 
association of the roles of the microbial communities throughout the sediment profile. 481 
The increased abundance of the functional gene soxB and the “Ferrovum and 482 
relatives” 16S rRNA gene that was observed in the W2 core surface sediment was 483 
further evaluated in surface sediments associated with different plant species and 484 
within the un-vegetated river sediments. This was to determine if there was any 485 
association between the plants species within the wetland and the presence of 486 
Ferrovum, and the expression of the soxB gene. Expression of soxB showed no 487 
significant difference between samples (Fig. S6a). It is known that the soxB gene 488 
encodes part of a periplasmic thiosulphate oxidizing complex that is widespread among 489 
different phylogenetic groups (Friedrich et al., 2001; Petri et al., 2001). This diversity 490 
has also been observed in thiosulphate oxidizing bacteria expressing soxB in 491 
rhizosphere soil from different plant species (Ghosh et al., 2006; Anandham et al., 492 
2008; Li et al., 2014). Ubiquitous expression of soxB can thus explain the similar 493 
expression levels observed in different wetland plant species and non-vegetated areas. 494 
In contrast “Ferrovum and relatives” 16S rRNA showed significant increased (P < 0.05) 495 
abundance in the vegetated sediments compared to the river sample, yet there was no 496 
significant difference between the different plant species (Fig. S6b). This suggests that 497 




spp. within the middle of the wetland, and the presence of wetland plants therefore 499 
helps facilitate bacterial mediated Fe oxidation.  500 
Together these results allow us to propose a model indicating the importance of 501 
the wetland vegetation in association with microbial communities in driving changes in 502 
metal(loid) distribution with sediment depth (Fig. 7). (1) Oxygenation of the water 503 
column and upper sediment layers due to oxygen release from plant roots mediates 504 
dissolved trace metal(loid) oxidation. (2) This is followed by deposition to deeper 505 
sediment layers. In an organic-rich wetland sediment, where biological oxygen demand 506 
is high, oxygen concentration rapidly reduces along the depth of the sediment core 507 
giving rise to an oxygen gradient with an oxic zone in surface layer and an anoxic zone 508 
in bottom layers (Lüdemann et al., 2000; Ratering and Schnell, 2000). (3) Anoxic layers 509 
generate sulfide compounds that can bind trace metals such as Cu and Zn, as seen by 510 
Cu-S and Zn-S associations in deeper sediment layers. In addition to sulfide, Fe3+ and 511 
organic carbon can bind with trace metals within the sediments. (4) Carbon derived 512 
from the wetlands plants will maintain bacterial communities. Increased abundance of 513 
obligate Fe oxidizing bacteria in upper sediment suggests increased oxidation of Fe2+. 514 
S oxidation activities were also observed in upper sediment. (5) Dominance of sulfate 515 
reducing bacteria and rapid decrease in sulfate levels also suggests microbial derived 516 
generation of sulfide. Together these activities remove metal(loid)s from the water 517 
column, as evidenced by a decrease in soluble metal(loid) levels along the wetland. 518 
 519 
4. Conclusions 520 
It has been suggested that the sediments within natural wetlands are an 521 
important sink for metal deposition, particularly in the form of Fe3+ compounds (Boult et 522 
al., 1994; Dean et al., 2013). Detailed analysis of metal distributions within wetland 523 
sediments confirmed that the variation in metal distribution with depth and the potential 524 
changes in mobilization due to environmental conditions is part of a complex dynamic 525 




in the surface sediment, S and trace metals accumulated in deeper layers. High-527 
resolution analysis of sediment cores suggests a co-immobilization of S, Cu and Zn at 528 
greater sediment depths due to possible binding of the trace metals to sulfide 529 
compounds. However, the timeframes within which these metals were deposited within 530 
the wetland sediments remain unclear. Previous work has highlighted the importance 531 
of bacteria in the wetland remediation process and the crucial role of wetlands in 532 
maintaining microbial diversity and activity (Aguinaga et al., 2018). In this present 533 
study, further insights into the remediation mechanisms occurring along the Afon Goch 534 
wetland were provided by an examination of the sediment microbiology and its 535 
association with metal distribution and speciation. Higher S oxidation and increase in 536 
the abundance of obligate Fe oxidizing bacteria within the first 20 cm of the sediment 537 
depth coincided with changes in trace metal chemistry and Fe and S speciation. This 538 
suggests that bacterial metabolism enhances the Fe and S transformations that lead to 539 
the rapid metal attenuation within a short distance from the source of the AMD 540 
pollution.  541 
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Figure 1. Location of sampling sites. (a) The Parys Mountain mine is located in 750 
Anglesey, Wales, UK. (b and c) Sites W1, W2 and W3 are along the Afon Goch river 751 
within a natural wetland.  752 





Figure 2. Fe, S and pH water chemistry parameters within the Afon Goch river as it 755 
flows through the wetland. Mean values (n = 5) of pH (a), particulate Fe (b), dissolved 756 
Fe (c), Fe2+ and Fe3+ (d), particulate S (e), dissolved S (f), sulfate (g) and sulfide (h). 757 
For data in (a) error bars show standard deviation. For data in (b) – (h), boxes show the 758 
25th and 75th percentile values, the black line within the boxes shows the median value, 759 
and whisker bars show the minimum and maximum values. Values that do not share 760 
lowercase letters are significantly different (P < 0.05). For data in (d) Fe3+ values with 761 






Figure 3. Mean values (n = 3) of total Fe (a), S (b), Cu (c), Zn (d), Mn (e), Al (f), As (g) 765 
and Pb (h) in sediment bands from three depths (surface: 0 – 10 cm; middle: 10 – 20 766 
cm; bottom: 20 – 50 cm) within the middle of the Afon Goch wetland (site W2). Cores 767 
were taken at un-vegetated river (R) location, within the E. angustifolium (E) stand, 768 
within the Juncus sp. (J) stand, and within the P. australis (P) stand. A distinct middle 769 
band of sediment was absent within the river location cores. Boxes show the 25th and 770 
75th percentile values, the black line within the boxes shows the median values, and 771 
whisker bars show the minimum and maximum values. Values that do not share 772 






Figure 4. Mean values (n = 5) of Fe (a), S (b), Zn (c), Cu (d), Mn (e), Al (f), As (g), and 776 
Pb (h) in top (0 – 20 cm) and bottom (20 – 50 cm) sediment layers. Boxes show the 777 
25th and 75th percentile values, the black line within the boxes shows the median 778 
values and whisker bars show the minimum and maximum values. Values within each 779 
sediment sample between sites that do not share lowercase letters are significantly 780 
different (P < 0.05). Values within the top sediment samples with an asterisk are 781 






Figure 5. Profiles of Fe, S, Cu and Zn along sediment depths using X-ray fluorescence 785 
scanning of cores from each site. Lines represent the mean of 3 replicate sediment 786 
cores. Individual element profiles with error values are shown in Figure S4. 787 





Figure 6. Mean values (n = 5) of 16S rRNA, soxB and dsrA transcript abundance from 790 
RNA isolated from surface and bottom sediment layers from the Afon Goch wetland. 791 
The different transcripts are markers for all bacteria (a), for Fe reducing bacteria of 792 
Geobacter spp. (b), for Fe oxidizing bacteria of Gallionella and relatives spp. (c) and 793 
Ferrovum and relatives spp. (d), and for S oxidizing bacteria through detection of soxB 794 
(e) and S reducing bacteria through detection of dsrA (f). Error bars show the standard 795 
deviation. Values within each sediment sample between sites that do not share 796 
lowercase letters are significantly different (P < 0.05). Values within the top sediment 797 
samples with an asterisk are significantly different (P < 0.05) from the bottom sediment 798 






Figure 7. Model of wetland sediment metal deposition mediated by geochemical and 802 
biochemical reactions. See the main text for the description of the key points (1 – 5). A 803 
representation of the sediment cores indicating the three layers is shown; a surface 804 
layer (~10 cm) that is partly aqueous and also contains larger soil particles and plant 805 
roots; a middle layer (~10 cm) that is characterized by a red-brown color with 806 
compacted ochre; and a bottom layer (~30 cm) that is composed of black anoxic mud. 807 
